Abstract: Conifer invasion of mountain meadows is pervasive in western North America, but its consequences for plant composition and diversity have not been studied. We used a chronosequence approach to reconstruct temporal patterns of vegetation change in response to~200 years of conifer encroachment of a dry, montane meadow in the western Cascade Range, Oregon. Tree age distributions, forest structure, light, and vegetation composition were determined for three hundred and fifty-six 10 m Â 10 m samples representing a gradient from open meadow to old forest (>90 years). Nonmetric multidimensional scaling revealed strong turnover in species composition from open meadow to old forest. Ordination axes were highly correlated with light availability and density/basal area of encroaching grand fir, Abies grandis (Dougl. ex D. Don) Lindl., and lodgepole pine, Pinus contorta Dougl. ex Loud. Cover of meadow species declined steeply with establishment of A. grandis; richness declined more gradually and extirpations of meadow species were rare. Forest herbs colonized within two decades of tree establishment and within 60-80 years dominated the understory flora. In contrast with meadow species, changes in richness and cover of forest herbs were weakly related to changes in forest structure. Rapid replacement of meadow by forest species and long-term effects of trees on soils may limit potential for restoration of these unique habitats.
Introduction
Encroachment of woody species threatens the biological diversity of grasslands and other nonforested ecosystems in many regions of the world (Van Auken 2000) . The causes of encroachment have been considered from many perspectives, including responses to changes in climate, land use, or disturbance regime (e.g., Rochefort et al. 1994; Bond and Midgley 2000; Sturm et al. 2005) . The consequences can be far-reaching and potentially irreversible, affecting soil ecosystem properties (Jackson et al. 2002; Griffiths et al. 2005) , vegetation structure and productivity (Hobbs and Mooney 1986; Scholes and Archer 1997) , and native plant diversity (Moore and Huffman 2004) . In the Pacific Northwest, as in much of western North America, invasion of mountain meadows by conifers represents a recent, but widespread phenomenon triggered by changes in climate (Taylor 1995; Woodward et al. 1995; Rochefort and Peterson 1996; Miller and Halpern 1998) , cessation of sheep grazing (Dunwiddie 1977; Vale 1981; Miller and Halpern 1998) , and long-term suppression of wildfire (Arno and Gruell 1986; Hadley 1999) . In this region, montane meadows typically occur as small, isolated habitats with floras that are distinctly different from those of the surrounding forested landscape (Halpern et al. 1984; Franklin and Halpern 1999) . Thus, conversion to forest can have direct impacts on local and regional patterns of diversity. Faced with gradual loss or degradation of these systems, natural resource managers have begun to experiment with prescribed fire as a strategy for their restoration and maintenance. Yet, little research has been devoted to the consequences of encroachment for biological diversity, to the rates at which meadow species are lost and forest species establish, or to how these changes may influence the potential for restoration. This is one of a series of retrospective and experimental studies that address these basic questions and challenges for management (Haugo 2006; Lang and Halpern 2007; C.B. Halpern, unpublished data, 2007) .
Two types of processes accompany the transformation of grass-or forb-dominated meadows to those dominated by woody plants (trees in particular): loss of resident species adapted to open environments and colonization of understory species adapted to shade. Displacement of the former can occur through reductions in light, physical effects of litter accumulation, or changes in the chemical or biological properties of soils (Scholes and Archer 1997; Knapp 2003, 2005; Siemann and Rogers 2003; Griffiths et al. 2005) . Positive feedbacks may develop between shrubs or trees and soil processes, ultimately leading to an alternative stable state (e.g., Archer 1990; Knapp 2003, 2005) . Given the strong control of trees on the physical environment (Belsky et al. 1989; Amiotti et al. 2000) , declines in the abundance and diversity of meadow species should be closely tied to the density and duration of forest cover.
In contrast, colonization of forest understory species requires not only suitable environmental conditions but also successful dispersal (e.g., Brunet and von Oheimb 1998 ). Yet, dispersal distances are short for many forest herbs (Bierzychudek 1982; Cain et al. 1998 ), potentially limiting rates of colonization (Matlack 1994; Butaye et al. 2002; Verheyen et al. 2003; Verheyen and Hermy 2004) . Subsequent community development can be shaped by many factors including variation in resource availability, competition, and potential for clonal spread (Tappeiner and Alaback 1989; Lezberg et al. 1999) . Thus, colonization and subsequent patterns of forest understory development should be less predictable and less responsive to changes in forest structure.
In this study, we explore these processes in a western Cascade meadow by reconstructing temporal changes in vegetation during nearly two centuries of encroachment of lodgepole pine, Pinus contorta Dougl. ex Loud., and grand fir, Abies grandis (Dougl. ex D. Don) Lindl. The study area provides an ideal setting for a chronosequence approach: it supports a large mosaic of grass-and forbdominated meadow with forests of varying age that have established on similar topography and soils. We address the following questions. (i) How does the composition, abundance, and richness of meadow and forest understory species change during the transition from open meadow to old forest? How rapidly, and to what extent, are meadow species lost from these systems? How quickly do forest species colonize and how does understory composition change in forests of increasing age? (ii) Do species within the same functional type (meadow or forest) show parallel trends in abundance? If not, can differences be explained by variation in life history traits (e.g., mode of dispersal)? (iii) Which attributes of forest structure (e.g., light, density, or basal area of trees) exhibit the strongest controls on vegetation, and do these attributes or the strength of relationships differ for meadow and forest species?
Methods

Study area
Bunchgrass Ridge (hereinafter Bunchgrass) forms a large (100 ha), gently sloping plateau in the Cascade Range of western Oregon (44817'N, 121857'W) . It lies along the boundary of the geologically older and steeply dissected western Cascades and the younger, rolling terrain of the high Cascades (Franklin and Dyrness 1988) . Elevations range from~1300 to 1375 m; slopes rarely exceed 5% and generally face southward.
Bunchgrass supports a mosaic of dry meadow, areas of recent conifer encroachment (30-70 years), and older forest (>90 years). Meadows are dominated by graminoids (primarily Festuca idahoensis Elmer and Carex pensylvanica Lam.) and forbs (e.g., Lupinus latifolius Lindl. ex J.G. Agardh., Erigeron aliceae T.J. Howell, and Phlox diffusa Benth.). Forests are dominated by A. grandis in both the canopy and the subcanopy, but P. contorta commonly occurs as scattered individuals or cohorts that have invaded open meadow. Understories in older forests are dominated by herbs typical of rich, mesic sites in this region (e.g., Smilacina stellata (L.) Desf.), Achlys triphylla (Sm.) DC., Galium oreganum Britt., and Anemone oregana Gray; Hemstrom et al. 1987) . Bunchgrass is surrounded by mature and old-growth forests, except for some stands that were clearcut and replanted in the 1970s and 1980s.
Soil profiles from areas of both open meadow and old forest indicate centuries of development beneath grassland vegetation (D.A. Lammers, personal communication, 2005) . Soils are deep (>170 cm), fine to very fine sandy loams derived from andesitic basalt and deposits of tephra and contain large and highly variable amounts of glacially derived cobbles, stones, and boulders. They grade from Vitric Melanocryands in open meadow to Aquic Vitricryands in older forests (D.A. Lammers, unpublished data, 2005) . Annual precipitation at Santiam Pass (1488 m elevation), the closest appropriate climate station 17 km to the north, averages~216 cm, with 7.5% falling from June through August. Annual snowfall averages 1152 cm and winter snowpacks can exceed 2 m. Average minimum and maximum temperatures are -6.9 and 0.7 8C in January and 6.1 and 27.8 8C in July (Western Regional Climate Center; www.wrcc.dri.edu/summary/climsmor.html).
Disturbance history
Information on fire and grazing history are lacking for Bunchgrass. Fires at this elevation in the western Cascades are likely to be infrequent (>100 years ; Teensma 1987 ) and episodic, driven by variation in climate and human activity (Weisberg and Swanson 2003) . Native Americans are thought to have used fire to maintain open meadow habitats throughout the Pacific Northwest (Boyd 1999) . Forests adjacent to Bunchgrass, however, do not display any direct evidence of burning (e.g., fire scars) and archeological surveys have failed to produce artifacts from human use of the meadow prior to Euro-American settlement (E. Bergland, personal communication, 2004) . Grazing by sheep is likely to have occurred during the early part of the twentieth century, synchronous with widespread grazing in the Cascades (Burke 1979; Johnson 1985; Rakestraw and Rakestraw 1991) . However, data on the timing or intensity of local grazing are not present in US Forest Service archives (Johnson 1985; E. Bergland, personal communication, 2004) .
Sampling methods
Comparisons of historical (1946, 1959) and more recent (1990, 1997) aerial photographs of Bunchgrass were used to delineate potential study areas that had pronounced conifer encroachment during the twentieth century (Fig. 1) . From a set of nine 1 ha (100 m Â 100 m) experimental plots that comprise a larger restoration experiment at Bunchgrass, we selected four for intensive study prior to treatment (Fig. 1) .
Each plot included open meadow, recent encroachment, and older forest. Within each plot, we established a grid system to create a series of 10 m Â 10 m subplots, the sampling units of this study (Fig. 1) . Of the full set of subplots, 333 were selected; 23 additional subplots were established adjacent to two plots to increase representation of open meadow (Fig. 1) . Analyses are based on a total of 356 subplots.
Within each subplot, we tagged, identified to species, and measured for diameter at breast height (DBH) all live stems 1.4 m tall. Dead trees 5 cm DBH were also identified to species and measured for DBH. Locations of all stems were mapped to the nearest 0.1 m (Fig. 1) . We determined the ages of all live trees from increment cores or basal sections. Larger trees ( mostly >10 cm DBH) were cored as close to the ground as possible. Smaller trees were felled and a basal section was taken. Cores were mounted and all samples were sanded following standard dendrochronological methods (e.g., Stokes and Smiley 1968) . Ring counts were made under 10-40Â magnification. For cores lacking pith, missing rings were estimated from a series of ring pattern templates (derived from complete cores with similar ring width patterns). Adjustments for age-to-sample height were based on age-height regressions developed from ring counts of basal sections of 30-40 seedlings per species. For trees with rotten or incomplete cores, age was estimated from diameter based on species-specific regression equations developed from the larger pool of aged cores and basal sections.
To estimate light availability, we took a digital hemispherical photograph at the center of each 10 m Â 10 m subplot from a height of 1.65 m. Photographs were taken with a Nikon Coolpix 990 digital camera using an FC-E8 fisheye converter between 21 June and 4 August 2004 before 0800 or after 1800 or on uniformly overcast days to avoid direct sunlight. Total transmitted light or photosynthetic photon flux density (PPFD, molÁm -2 Áday -1 ) averaged over the year was calculated with Gap Light Analyzer 2.0 (Frazer et al. 1999 ) employing the standard overcast sky model.
Ground-layer vegetation was sampled between 5 July and 16 August 2004. Four 1 m 2 quadrats were established within the central 6 m Â 6 m area of each subplot spaced 1 m apart along the northwest-southeast diagonal. Within each quadrat, we visually estimated the cover (%) of each vascular plant species; we then averaged these values to produce a subplot mean for each species. Nomenclature follows Hitchcock and Cronquist (1973) .
Chronosequence development and quantifying forest structure
To define stages in the transition from open meadow to old forest, we used a classification approach to group subplots by similarity in age structure. We used an agglomerative, hierarchical technique (Wishart 1969) implemented in PC-ORD version 4.0 (McCune and Mefford 1999). For each subplot (sample), we tallied the number of conifers in each of eleven 20-year age classes (e.g., see Taylor and Skinner 2003) . We used relative Euclidean distance as the measure of dissimilarity and Ward's linkage method (Ward 1963) . Subplots were grouped to the level of retaining 75% of information; this produced six ''encroachment classes'' with different age structures. Subplots without trees were omitted from the analysis but were assigned to an additional class (Class 0) representing open meadow. Evaluation of the full classification revealed 34 misclassified subplots (sensu McCune and Grace 2002). Nineteen subplots with only one or two trees were reassigned to Class 1, and 15 subplots with three or more trees >90 years old were reassigned to Class 6. The final classification revealed a gradual increase in the mode and range of tree ages from Class 0 (open meadow) to Class 6 (old forest with overstory trees >90 years old).
To quantify variation in forest structure, we computed the basal area (m 2 Áha -1 ) and density (stemsÁha -1 ) of live and dead stems of A. grandis and P. contorta in each subplot. Total basal area and density were not considered because they were highly correlated with values for A. grandis.
Classification of species
Functional types are often used to generalize about species' performance (Smith et al. 1987 ). We classified ground-layer species by habitat affinity and growth form based on previous phytosociological studies (Halpern et al. 1984; Hemstrom et al. 1987 ) and regional floras (Hitchcock et al. 1969; Hitchcock and Cronquist 1973) (Table S1 2 ). Habitat affinities included meadow (n = 43 species), forest understory (n = 48), or ruderal (n = 7). Understory trees (n = 13) and taxa that could not be assigned unambiguously to a group (n = 6) were not classified. Although this classification may oversimplify the habitat distributions of some species, it captures the distinct associations of many species with native meadows, closed forests, or recently disturbed sites. Growth forms included sedge/rush (n = 3 taxa), grass (n = 11), herb (fern, suffrutescent forb, and subshrub; n = 68), or tall shrub (n = 9). Forest species were also classified by primary mode of dispersal (sensu Matlack 1994) and potential for clonal growth. Modes of dispersal were wind (including fern spores, n = 12), ingested (n = 13), adhesive (n = 4), ant and (or) ballistic (n = 9), or no obvious mechanism (none, n = 10). Potential for clonal growth was coded as ''no'', ''yes'', or ''strong'' (Table S1 ).
Changes in species composition
We used nonmetric multidimensional scaling (NMS) (Kruskal 1964) a centroid (±1 SE) for each encroachment class based on subplot scores along the two NMS axes. We used Spearman rank correlations (Zar 1999 ) to identify forest structural attributes (including light) that showed strong correlations with composition (subplot scores on NMS axes). Correlations with axes were displayed as a biplot of ''structural vectors'' on the sample ordination, where r NMS 1 = cos and r NMS 2 = sin . NMS was followed by multiresponse permutation procedures (MRPP) (Biondini et al. 1988 ) to test whether species composition differed among encroachment classes. MRPP is a nonparametric, Monte Carlo method that compares a weighted average within-group similarity with an expected average based on all possible partitions of the data for groups of the same size (McCune and Grace 2002). The method produces both a significance value (p) and a measure of effect size (A, the chance-corrected within-group agreement). For consistency with NMS, we used a ranktransformed distance matrix based on Sørensen's distance (PC-ORD version 4.0; McCune and Mefford 1999). An initial test included all encroachment classes; separate comparisons were then made between successive pairs of classes. To determine whether forest understory composition converged along the chronosequence, we compared values of mean similarity (1 minus Sørensen's distance) of subplots within each encroachment class using only the pool of forest species.
Changes in cover and richness of meadow and forest species
For each subplot, we computed total (summed) cover, richness, and Shannon's diversity index (Shannon and Weaver 1949) of species within each functional type (forest and meadow) and for growth forms within each group. Averages were then computed for each encroachment class and compared graphically to illustrate changes in the abundance and diversity of functional types during the transition from open meadow to old forest. Patterns of richness and diversity were similar; thus, we present only results for richness.
To test whether the species within the same functional type showed parallel trends in abundance, we plotted temporal trends in frequency (proportion of subplots) and average cover for a subset of the more common meadow and forest taxa. Species were selected if present in at least 50% of subplots in Class 0 (meadow species) or Class 6 (forest species).
Relationships between forest structure/light and plant functional types
We used multiple linear regression to explore relationships between forest structure/light and richness or abundance of functional types. Potential predictors in these models included total transmitted light (PPFD) and the density and basal area of live and dead stems of A. grandis and P. contorta. Although stem density and basal area may affect light transmission, they may also influence other aspects of forest environment, such as soil chemistry or nutrient availability. Models were created through stepwise addition/ subtraction of predictors, with a probability of 0.05 to add and 0.10 to remove a variable (Neter et al. 1996) . Model coefficients were standardized to allow direct comparison of the effects of predictors on response variables (Neter et al. 1996) . Standard diagnostics were used to test the assumptions of normality and constant variance of residuals. PPFD, basal area, and density were square root transformed as a result. Regression analyses were conducted with SPSS version 13.0 (SPSS 2004).
Results
Conifer encroachment
Conifer encroachment occurred during two broad periods at Bunchgrass, with peaks in establishment in ca. 1870 -1890 and 1950 -1970 (Haugo 2006 . Establishment during the more recent interval was distributed across numerous meadow openings (Fig. 1 ) and occurred at greater density than during the earlier interval. During both periods, P. contorta tended to establish before A. grandis in areas of open meadow (Haugo 2006) .
Encroachment Classes 1-5 represented the transition from open meadow to young forest and displayed a clear progression of increasing mode and range of tree ages (Fig. 2) . Class 6 represented the initial period of conifer invasion and exhibited a bimodal age structure (with peaks at 140 and 60 years), reflecting stratification of the canopy into distinct overstory and understory layers. The transition from Class 5 to 6, however, represented passage of considerably more time than that between more recent classes.
Changes in light and forest structure
Light transmission and overstory structure changed markedly across the chronosequence. PPFD dropped steeply with initial establishment of trees (Class 0 to 1) (Fig. 3a) . Subsequent forest development was characterized by rapid and abundant recruitment of A. grandis (Class 2) (Fig. 3b) followed by a gradual reduction in density and an increase in basal area (Classes 2-5) (Figs. 3b and 3c ). The transition from Class 5 to 6 included a threefold increase in basal area of A. grandis reflecting presence of large-diameter (70-130+ cm) trees. P. contorta showed parallel trends in density and basal area with maxima in Classes 2-4. PPFD had significant negative correlations with most measures of forest structure (r = -0.16 to -0.55, all p < 0.001). The strongest correlations were with density and basal area of live A. grandis (r = -0.55 and -0.49, respectively).
Changes in species composition
In total, 117 vascular taxa were identified from the 356 subplots; these represented 94 genera and 38 families (see supplemental data in Table S1 ). Families with the greatest diversity of species included Compositae (14), Gramineae (11), and Rosaceae (8).
NMS ordination revealed a gradual shift in species composition from open meadow (Class 0, high scores on NMS 1) to old forest (Class 6, low scores on NMS 1) (Fig. 4a) . Meadow and forest species showed clear separation along this axis (Fig. 4b) ; ruderal species were uncommon (except for Lactuca muralis (L.) Fresen. in Class 6) but were widely distributed across NMS 1.
MRPP indicated highly significant (A = 0.258, p < 0.0001) differences in species composition among encroachment classes. Pairwise comparisons between successive classes indicated large compositional changes between Classes 0 (open meadow) and 1 (initial recruitment) (A = 0.104) and between Classes 5 and 6 (old forest) (A = 0.088). Effect sizes were significant but smaller for the remaining pairwise comparisons. Similarity of forest understory species composition among subplots increased progressively from Class 0 (0.29) to Class 6 (0.75).
Changes in cover and richness of functional groups
Meadow and forest species displayed contrasting trends in cover and richness (Fig. 5) . Total cover of meadow species changed little in response to initial establishment of trees (cf. Classes 0 and 1), and meadow grasses actually increased in abundance (reflecting a marked increase in broad-leaved species) (Fig. 5a ). Cover declined sharply in Class 2 (coincident with peak density of A. grandis) (Fig. 3b) . Subsequent declines were more gradual, reflecting losses among all growth forms. Richness of meadow species declined more slowly than did cover, with losses of both grass and herbaceous species (Fig. 5b) . Total cover of forest species (primarily herbs) increased slowly across the chronosequence to a maximum of~50% in Class 6 (old forest) (Fig. 5c) . In contrast, richness increased rapidly, surpassing that of meadow species in Class 3 and peaking in Class 5 (young forest) (Fig. 5d) . 
Dynamics of individual species
Trends in frequency and cover varied among the principal species comprising each functional group (Figs. 6 and 7) . Two general trends emerged among meadow species. As expected, most species exhibited maximum cover in Class 0 (open meadow) and then declined across the chronosequence (left and middle panels, Fig. 6 ). Several taxa, however, showed greatest abundance in Class 1 (or 2) and then declined over time (right panels, Fig. 6 ). Among species present in 50% of open-meadow subplots, only Orthocarpus imbricatus Torr. ex S. Wats. exhibited local extirpation (absent from all subplots of Class 6) (Fig. 6) . Four additional species were lost, but these were less common (present in 10%-50% of open meadow subplots).
Forest species showed a diversity of abundance patterns, reflecting varying rates of colonization and growth (Fig. 7) . Some species recruited rapidly, occupying 80% of Class 1 subplots (upper left panels, Fig. 7) . Others established more slowly, achieving similarly high frequency in Class 3 or 4 (lower left panels, Fig. 7 ) and some as late as Class 6 (middle panels, Fig. 7) . Changes in cover of forest species varied from unimodal to irregular. Cover of several species increased gradually or showed a distinctive increase in old forest (Class 6). However, others had no strong temporal trends (right panels, Fig. 7 ). There was little correspondence between rate of colonization (changes in frequency) and dispersal mechanism: species with similar trends in frequency often had different modes of dispersal, and species with similar modes of dispersal often had distinctly different trends in frequency (Fig. 7) .
Relationships between ground-layer vegetation, light, and forest structure
NMS axes showed strong correlations with light availabil- ity and overstory structure (Fig. 4a) . NMS 1 was correlated with PPFD (r = 0.49), basal area of live and dead A. grandis (r = -0.66 and -0.51, respectively), and density of dead A. grandis (r = -0.51) (p < 0.001). NMS 2 was highly correlated with density of dead P. contorta (r = 0.56), basal area of live P. contorta (r = 0.52), and density of live A. grandis (r = 0.55) (p < 0.001). Viewed relative to the progression of encroachment classes in ordination space, structural vectors illustrate the gradual replacement of P. contorta by A. grandis: first in density, then in basal area (also see Figs. 3b and 3c) . Multiple regression models suggest stronger influences of forest structure on loss of meadow species than on colonization and growth of forest species. Models explained greater variation in cover and richness of meadow species (R 2 = 0.54 and 0.48) than of forest species (R 2 = 0.34 and 0.42) (all p < 0.001) ( Table 1) . Transmitted light (PPFD) was highly significant in all models (positive correlation for meadow species, negative correlation for forest species) ( Table 1) . Three additional predictors were highly significant in meadow models: basal area of live A. grandis and density of dead A. grandis (negative correlations with cover and richness) and density of dead P. contorta (negative correlation with richness). Models for forest species had only one structural variable in common (negative correlations with basal area of live P. contorta).
Discussion
Considerable research has been devoted to understanding the causes of conifer encroachment in western mountain meadows (e.g., Rochefort et al. 1994; Woodward et al. 1995; Miller and Halpern 1998 ), yet the consequences for biological diversity have not been addressed. By combining fine-scale sampling of vegetation with detailed analysis of forest age structure, we have reconstructed nearly two centuries of vegetation change, from open meadow to old A. grandis-dominated forest. Two processes, driven or aided by the presence of conifers, contribute to these changes: suppression of the native meadow flora and colonization of meadow soils by forest herbs.
Decline of meadow vegetation
Meadow communities at Bunchgrass were highly sensitive to conifer encroachment. Significant changes in composition were observed at the earliest stage of establishment, reflecting declines in dominant, as well as less frequent, but characteristic meadow species. Declines in cover were particularly dramatic when A. grandis reached peak density (Class 2). These changes are consistent with the responses of temperate grasslands to invasion of woody plants (Hobbs and Mooney 1986; Briggs et al. 2002) . Not all species, however, showed negative responses during the earliest stages of encroachment. The most notable exceptions were broadleaved grasses, Elymus glaucus Buckl. and Bromus carinatus Hook. & Arn., which doubled in abundance in Class 1, contributing to an overall increase in the cover of meadow grasses. These taxa may be more appropriately described as transitional in their habitat preference.
Despite significant declines in the cover and richness of meadow species, many taxa persisted in at least some forest locations; 24 of 43 meadow taxa were recorded in old forest (Class 6) and contributed an average of more than four species per subplot. Although most species were greatly re- duced or absent from forest subplots, larger scale extirpations were uncommon. Moreover, several taxa (including the dominant sedge Carex pensylvanica) were present iñ 50% of old forest subplots, albeit at greatly reduced cover.
Persistence of these open-habitat species may reflect the patchy nature of forest development at Bunchgrass that has left small areas of remnant meadow within larger stands of forest.
Several processes associated with tree encroachment may contribute to loss of meadow vegetation. In grassland systems, taller woody plants can reduce available light with substantial impacts to vegetation (Scholes and Archer 1997; Knapp 2003, 2005; Siemann and Rogers 2003) . With initial establishment of conifers at Bunchgrass, PPFD declined steeply (from~22 to 13 molsÁm -2 Áday -1 from Class 0 to 1); this was synchronous with a large compositional change and a shift in dominance from grasses with filiform leaves (Festuca idahoensis) to broad leaves (Elymus glaucus and Bromus carinatus). Light was also a highly significant predictor in regression models for meadow species (Table 1) . However, it is unlikely that shading is the sole mechanism by which conifers affect meadow composition and diversity. Similarly strong relationships were observed with other measures of forest structure (basal area of live and density of dead A. grandis) that may be more indicative of changes in below-ground resources or environment. In previous studies of forest-meadow boundaries at Bunchgrass, Griffiths et al. (2005) documented strong gradients in litter depth, soil moisture, nitrogen availability, microbial activity, and the presence of ectomycorrhizal mats associated with tree roots. For many of these variables, transitional areas with recent encroachment were more similar to old forest than to meadow. Declines in meadow species may be a direct response to changes in litter or soil properties (e.g., Belsky et al. 1989; Facelli and Pickett 1991) or to competition for below-ground resources with newly established trees or forest understory plants (Callaway et al. 1991) . Additionally, positive feedbacks can develop between trees and soils facilitating further recruitment and hastening the decline of meadow species (e.g., Li and Wilson 1998) . Dramatic loss of cover of meadow species in Class 2 may illustrate this phenomenon: declines were relatively small at the onset of invasion when tree densities were low (Class 1) but were large when A. grandis recruited en masse several decades later facilitated by the initial cohort of P. contorta and A. grandis. 
Colonization of forest species
Colonization of meadow soils by forest understory species was synchronous with the establishment of trees. Increases in both the cover and the richness of forest understory species were rapid and continuous and within 60-80 years, forest species dominated the ground layer. Subplots representing progressively older classes of forest supported increasingly similar understories, suggesting convergence in species composition. However, two distinctive trends characterized the transition to old forest (Class 6, initiated nearly a century earlier than younger forest): richness of forest species declined and cover of several forest herbs increased markedly (e.g., Achlys triphylla and Smilacina stellata). These trends are likely to be related: A. triphylla and S. stellata can form large, contiguous patches in mature and lateseral forests (Antos and Zobel 1984) , often to the exclusion of other species.
Changes in composition and increases in cover and richness of forest understory species were highly correlated with declines in transmitted light (PPFD). However, relationships with forest structural attributes differed for the primary tree species: cover and richness correlated positively with A. grandis and negatively with P. contorta. These contrasts reflect differences in canopy architecture and light attenuation as well as differences in shade tolerance (e.g., Minore 1979 ) that allow A. grandis to establish at considerably higher densities. In combination, however, light and forest structure explained only 34%-42% of the variation in richness and cover of forest species, consistently less than that of meadow species. Residual variation may be explained, in part, by environmental factors that were not measured (e.g., litter depth or soil resource availability). It may also reflect the stochastic nature of dispersal and establishment; these are shaped by the species pool, dispersal traits, distances to seed sources, and the degree to which understory environments are suitable for germination. Evidence from analogous studies of forest herb migration into abandoned fields suggests that dispersal limitation, not environment, is the principal factor structuring community assembly (Brunet et al. 2000; Ehrlen and Eriksson 2000; Verheyen et al. 2003) . For some herbaceous species at Bunchgrass, dispersal clearly was not limiting: frequency was as high in newly established forest (Class 1) as in old forest (Class 6). For most species, however, we could not distinguish dispersal from environmental limitation: frequency increased slowly with forest age, which may be indicative of either process. Interestingly, species that established at slower rates were not limited to those with more restrictive dispersal mechanisms (cf. Matlack 1994; Brunet and von Oheimb 1998) . Instead, they displayed the full range of dispersal mechanisms: ant, adhesive, ingested, and wind. Proximity of old forest patches to areas of recent encroachment may have been sufficient to ensure abundant and rapid dispersal of most forest species.
Implications for restoration and management
Recent encroachment of conifers into mountain meadows of the western United States may constitute one phase of a cyclical process that includes periods of forest expansion, retraction, or stasis. At Bunchgrass, meadow soils underlie even the oldest patches of forest, strong evidence that nonforest vegetation has dominated this landscape for centuries or longer. Rapid conversion to forest, however, may signal a shift to an alternative stable state (e.g., Archer 1990; Briggs et al. 2002; Lett and Knapp 2003) triggered by a change in disturbance regime or climate and reinforced by positive feedbacks between trees and soils. Regardless of the cause(s) of encroachment, the desire to maintain open habitats for their biological diversity and other resource values has led federal land managers to experiment with tree removal and prescribed fire. However, restoration of meadow may be difficult once forest has established. In grasslands that have been transformed to shrubland or woodland in the absence of fire, reintroducing fire to restore grass or forb dominance is often unsuccessful (e.g., Laycock 1991; Heisler et al. 2004) . Furthermore, woody species may transform soil properties so that even after they are removed, their residual effects may retard grassland recovery Knapp 2003, 2005) . Similar processes may limit the potential for restoration of montane meadows. In studies at Bunchgrass, soils in areas of recent encroachment exhibited chemical and biological properties distinctly different from those in adjacent meadows (Griffiths et al. 2005) , in particular, the presence of mycorrhizal mats that facilitate survival and growth of conifer seedlings and thus favor persistence and gradual expansion of forest.
Even if trees are removed from meadows, there may be numerous additional impediments to restoration. Significant reductions in the abundance and vigor of meadow species 
Note:
Regression models are based on all subplots (n = 356). All predictors were square root transformed. All variance inflation factors were <3.5 except where noted.
*Variance inflation factor = 4.3.
may limit their potential for vegetative recovery. In addition, few meadow species maintain viable seeds in the soil; instead, seed banks are dominated by early successional species (Lang and Halpern 2007) . Thus, restoration activities that expose or heat mineral soils (e.g., tree removal or prescribed fire) can facilitate germination and growth of ruderal species that compete with those targeted for restoration. Forest shrubs or vines with the potential for clonal growth can also be released by overstory removal (Halpern 1989; Haeussler et al. 1990 ) and thus limit reestablishment of meadow species. Finally, mineral soils provide ideal sites for conifer germination. We have observed dense recruitment of A. grandis seedlings after experimental burning of tree islands at Bunchgrass and other meadows suggesting strong residual effects of trees on meadow soils. In combination, these observations suggest that there are barriers to restoration of dry, montane meadows where conifers have become well established. A more effective strategy for conservation of these systems is to remove or kill trees at an early stage before positive feedbacks lead to irreversible changes in community state.
